Biological diversity could enhance ecosystem service provision by increasing the mean level of services provided, and/or by providing more consistent (stable) services over space and time. Ecological theory predicts that when an ecosystem service is provided by many species, it will be stabilized against disturbance by a variety of 'stabilizing mechanisms.' However, few studies have investigated whether stabilizing mechanisms occur in real landscapes affected by human disturbance. We used two datasets on crop pollination by wild native bees to screen for and differentiate among three stabilizing mechanisms: density compensation (negative co-variance among species' abundances); response diversity (differential response to environmental variables among species); and cross-scale resilience (response to the same environmental variable at different scales by different species). In both datasets, we found response diversity and cross-scale resilience, but not density compensation. We conclude that stabilizing mechanisms may contribute to the stability of pollination services in our study areas, emphasizing the insurance value of seemingly 'redundant' species. Furthermore, the absence of density compensation that we found at the landscape scale contrasts with findings of previous small-scale experimental and modelling work, suggesting that we should not assume that density compensation will stabilize ecosystem services in real landscapes.
INTRODUCTION
Most ecosystem services that have been studied are being degraded by human activity (Millennium Ecosystem Assessment 2005) , and there is widespread interest among ecologists in the relationships between human disturbance, biodiversity loss and the loss of ecosystem functioning or services (we use these last two terms synonymously; Hooper et al. 2005; Kremen 2005) . A guiding principle of biodiversity-ecosystem function research is the biological insurance hypothesis, which states that ecosystem functioning is more stable in more species-rich communities, where the redundancy of species contributing to the same function reduces fluctuations in that function over space or time (Lawton & Brown 1993; Naeem 1998) . Both theoretical and empirical work supports this hypothesis (Lehman & Tilman 2000; Balvanera et al. 2006; Tilman et al. 2006; Ives & Carpenter 2007) .
The actual mechanisms through which biodiversity would stabilize ecosystem services (i.e. stabilizing mechanisms) have been less frequently investigated, although several have been proposed (Tilman 1999) . One potential stabilizing mechanism is density (or numerical) compensation that occurs when the abundance of one species providing the service increases as a result of decreases in the abundance of another species (e.g. Naeem & Li 1997; Klug et al. 2000; Solan et al. 2004) . A second proposed stabilizing mechanism is response diversity that occurs when populations of some species are increased and others decreased by the same environmental change (Walker et al. 1999; Elmqvist et al. 2003) . A third is cross-scale resilience that occurs when species' abundances are affected by environmental change at different spatial and/or temporal scales (Holling 1988 (Holling , 1992 Roland & Taylor 1997; Peterson et al. 1998; Steffan-Dewenter et al. 2002; Elmqvist et al. 2003) . Models that simulate the loss of ecosystem services under various scenarios of biodiversity loss predict that outcomes can be starkly different depending on the strength of stabilizing mechanisms (Ives & Cardinale 2004; Larsen et al. 2005; McIntyre et al. 2007) . But as yet, there are few empirical studies investigating whether stabilizing mechanisms actually occur in nature (Hooper et al. 2005; Kremen 2005) .
Pollination is an important ecosystem service because most of the world's plant species, including 75 per cent of the leading global crop plants, require animal-mediated pollination to some degree (Axelrod 1960; Klein et al. 2007) . Most of this pollination is provided by bees (Hymenoptera: Apiformes), either managed species (primarily Apis mellifera) or a diverse fauna of wild species (Aizen & Feinsinger 2003; Klein et al. 2007 ). Here we consider the contributions of wild bees to crop pollination as an ecosystem service (Kremen & Chaplin-Kramer 2007; Kremen et al. 2007) . Wild bee species contribute substantially to the pollination of many crops including coffee (e.g. Klein et al. 2003) , watermelon (Kremen et al. 2002 (Kremen et al. , 2004 Winfree et al. 2007) , sunflower (Greenleaf & Kremen 2006b ), tomato (Greenleaf & Kremen 2006a) , macadamia (Heard & Exley 1994) and canola (Morandin & Winston 2005) . Most studies of crop pollination by wild bees suggest that this ecosystem service is negatively affected by human activities such as agricultural intensification (Kremen & Chaplin-Kramer 2007; Ricketts et al. 2008) .
We used two datasets on the pollination services provided by wild bees to watermelon (Citrullus lanatus; Cucurbitaceae), one from New Jersey/Pennsylvania (Winfree et al. , 2008 ) and the other from California's Central Valley, USA (Kremen et al. 2002 (Kremen et al. , 2004 . These two systems contrast with one another in terms of native ecosystem type, human land use intensity, and the extent to which pollinators and pollination services are affected by human land use. However, our goal is not to compare these two systems. Rather, we attempt to detect any stabilizing mechanisms that might be operating in each. Stabilizing mechanisms could in principle occur either where ecosystem services are relatively robust to human land use (as in New Jersey/Pennsylvania; Winfree et al. 2007 Winfree et al. , 2008 , or where ecosystem services decrease sharply with increasing human land use (as in California; Kremen et al. 2002 Kremen et al. , 2004 . In the latter case, due to stabilizing mechanisms, the observed decrease could be less than it would be otherwise.
MATERIAL AND METHODS
(a) Study systems and data collection Our study plant, watermelon, requires insect vectors for pollination because it has separate male and female flowers on the same plant (Delaplane & Mayer 2000) . An individual flower is active for only one day, opening at daybreak and closing by early afternoon. The number of visits from bees occurring during the day is a good predictor of whether a female flower will be fully pollinated in watermelon (Stanghellini et al. 1998) as in other plants (Vázquez et al. 2005) .
Our pollinator dataset consisted of all native wild bee species found visiting watermelon flowers. We excluded the non-native European honeybee from our study because it is primarily a managed species in both study systems, and we did not observe any other non-native species.
In both study systems, study farms were arrayed along a gradient of decreasing native vegetation cover in the larger landscape surrounding the farm. Farms were located at least 1 km apart, which is beyond the typical movement distance of all but the largest bees in our study systems (Greenleaf et al. 2007) . Data were collected only on days that were sunny, partly cloudy or bright overcast, with wind speeds of below 2.5 m s K1 . Data collection transects consisted of 50 m segments of crop row, and began within 5 m of the farm field edge to minimize edge effects.
(i) New Jersey/Pennsylvania We worked in a 90!60 km area of central New Jersey and eastern Pennsylvania, USA, which is a temperate, mixed oak forest ecosystem. Data were collected in July-August 2005 at 21 watermelon farms. We visited each farm on two different days and netted bees from watermelon flowers for 30 min at standard times of day, for a total of 60 min collecting time per farm. In order to reduce collector bias, each farm was netted by at least three of the five persons collecting data. Specimens were then pinned and identified to the species level. At each farm, we also measured bee visitation rate to flowers throughout the day using standardized scans , and wild bee visitation rate was highly correlated with the number of bee specimens collected (Pearson's rZ0.80, pZ0.000). In further analyses, we used the collected specimen data for the 11 most abundant bee species, each of which was represented by at least 20 specimens and was found at three or more farms (NZ973 specimens used in the analysis, or 88 per cent of the total specimens collected; for species names see the electronic supplementary material, table 1).
(ii) California We worked in a 54!45 km area of northern central California, USA (Yolo County), where the native vegetation is Mediterranean oak woodland, chaparral and riparian forest. Data were collected in June-August 2001 at 14 watermelon farms (Kremen et al. 2002) . One fieldworker visited each farm on a single day and observed bees visiting watermelon flowers for 10 min of each half hour during 12 study periods between 07.30 and 14.30 for a total of 120 min of collecting per farm (see Kremen et al. 2002 for further details). Bees were classified visually to 12 groups, each of which included 1-6 species (Kremen et al. 2002 ; see the electronic supplementary material, table 2 for species groups). In subsequent analysis, we used data for the nine most abundant bee species groups, each of which was represented by at least 20 observations and was found at three or more farms (NZ1944 visits in total; electronic supplementary material, table 2).
In both study systems, the design included both organically and conventionally managed farms, but previous analyses determined that farm management was not a significant predictor of bee abundance (Kremen et al. 2002 (Kremen et al. , 2004 Winfree et al. 2008 ), so we did not include this variable in our analyses.
(b) Measuring the land use gradient In both study systems, we used land cover by native vegetation as our measure of human disturbance. We mapped the centre of each data collection transect with a Trimble GeoExplorer Global Positioning System (GPS; Trimble Navigation, Sunnyvale, CA, USA) corrected to G10 m accuracy with GPS PATHFINDER OFFICE v. 2.9 (Touch Vision, Cypress, CA, USA). Geographical Information Systems (GIS) land cover data for New Jersey were provided by the New Jersey State Department of Environmental Protection, and were based on aerial photographs taken in 2002 and subsequently classified to 61 land cover types. GIS data for Pennsylvania were provided by the Delaware Valley Regional Planning Commission, and were based on aerial photographs taken in 2000 and subsequently classified to 27 land cover types. In California, GIS land cover data were classified from Landsat 7 Thematic Mapper imagery (1997) using a maximum-likelihood supervised classification, followed by ground truthing and correction of the areas within 5 km of each farm site. The resulting classification is estimated to be 96 per cent accurate in distinguishing between native vegetation and agriculture (see Kremen et al. (2004) for further details).
We used ARCGIS v. 9.0 (Environmental Systems Research Institute, Redlands, CA, USA) to determine the proportion of the area surrounding each farm that consisted of the native vegetation type (mixed deciduous woodland in New Jersey/Pennsylvania; Mediterranean chaparral, oak woodland and riparian forest in California), as well as the linear distance to the nearest block of native habitat greater than or equal to 1 ha. As these two measures of native vegetation cover were highly correlated (in New Jersey/ Pennsylvania Spearman's rZK0.60, p!0.0001, and in California Spearman's rZK0.79, p!0.0001), we used only the proportional area of native vegetation in analyses, because it has the larger range of variation and is consistent with our previous analyses of these datasets.
(c) Analyses (i) Preliminary statistical analyses Previous analyses showed that there was little or no spatial autocorrelation in our datasets (Kremen et al. 2004; Winfree et al. 2007 ). To identify the most explanatory scale of analysis for each bee species or species group relative to native vegetation cover, we related the response variable bee abundance to the predictor variable proportion of native vegetation cover surrounding study sites at radii of 200, 500, 1000, 1500, 2000, 2500 and 3000 m. Because the data were counts with frequent zero values, but were overdispersed for a Poisson distribution, we used a generalized linear model (the SAS v. 9.1.3 PROC GEN MOD procedure) with a negative binomial error distribution and a log link function. We then compared the resulting c 2 values and used the scale with the highest c 2 value in subsequent analyses (Holland et al. 2004 ). These same results were also used for our analysis of crossscale resilience (see below).
(ii) Analysis of density compensation We defined density compensation as negative co-variances among the abundances of species contributing to the same ecosystem service (i.e. the different bee species pollinating watermelon). Co-variance was measured across space (i.e. across the study farms that were arrayed along a gradient of increasing human disturbance). To look for density compensation using a data visualization technique, we plotted the frequency distribution of all pairwise correlation coefficients (Pearson's r) between species' abundances (transformed as ln (NC1)). In this plot, density compensation would be indicated by a distribution shifted to the left of zero. Because a species might respond to the combined densities of other species in its functional group rather than to pairwise densities, we also examined the correlations between the density of each species and the densities of all other species in combination.
To assess the statistical significance of correlations among species' abundances, we used a variance ratio test (Schluter 1984; Klug et al. 2000) . This test is based on the ratio
where S i is the abundance of the i th bee species considered across all study sites, and the summation is taken over all species in the community. The variance ratio test uses the fact that
A variance ratio less than 1 indicates that species' abundances co-vary negatively (density compensation). A variance ratio near 1 indicates that species vary independently, and a variance ratio greater than 1 indicates that species co-vary positively. We assessed the significance of the variance ratio with a Monte Carlo simulation that calculates a null variance ratio after randomizing the abundances of each species across sites. The p-value of the observed variance ratio was calculated as the fraction of 10 000 null variance ratios that were of the same sign, but more extreme in magnitude, when compared with the observed value. Our data for California were identified to species groups, each of which included 1-6 species (see the electronic supplementary material). This could lead to an underestimate of true density compensation if some of the species that compensated for each other were morphologically similar and therefore analysed within the same group. As a check on this possibility we used an additional, specimen-based, fully identified dataset (NZ3811 specimens) collected in the same study system. These data were collected by blue, white and yellow pan traps (six of each colour arrayed on two 50 m transects per site) and one-metre-high PVC pipes (three per site) during a single 24 h period in 1999. Data were collected at 19 sites arrayed across the same land use gradient as for the primary dataset from California, although the actual sites overlapped only partially. As for the other two datasets, species represented by at least 20 specimens and found at three or more farms were included in the analysis (NZ10 species).
(iii) Analysis of response diversity As far as we are aware, no statistical method for identifying response diversity has been published. To test for the presence and significance of response diversity, we used the species-native vegetation interaction term from a generalized linear model. Specifically, we used bee abundance as the response variable, and examined the interaction between the categorical predictor variable 'bee species' and the continuous predictor variable 'native vegetation cover.' The interaction term indicates whether the response to native vegetation loss varies by bee species, and is analogous to the species-environment interaction term from other areas of ecology.
For both datasets, the predictor variables in the generalized linear model were bee species (or species group), native vegetation cover at the most explanatory radius for each species, and the bee species-native vegetation interaction. Other variables that were initially included, but dropped from the final models as unexplanatory, were crop flower density, weedy flower density in the farm field and their interactions with bee species. The response variables were the number of individual bees collected per species (for New Jersey/Pennsylvania) or the number of flower visits per species group (for California). Because response variables were counts related to bee arrivals at flowers and contained many zero values, but the variances were greater than would be predicted for Poisson distributions, we used negative binomial error distributions with a log link function. The deviance/d.f. for the final negative binomial models was 1.17 for the New Jersey/Pennsylvania dataset and 1.07 for the California dataset. Analyses were done in SAS v. 9.1.3 using the PROC GEN MOD procedure (SAS Institute, Cary, NC, USA). Significance was assessed using Type 3 leastsquare means.
(iv) Analyses of cross-scale resilience We define cross-scale resilience here as differences in the spatial scales at which watermelon pollinators respond to habitat loss. We considered only the bee species that were negatively associated with the loss of native vegetation in the surrounding landscape, because pollination services could be lost more gradually with the loss of native vegetation cover if such species are affected at different scales. For each of these species, we examined the relationship between abundance and native vegetation cover at all seven spatial scales (see §2c(i), above), to identify the scale at which each species or species group responded most strongly.
RESULTS (a) Density compensation
We found no evidence of density compensation (negative co-variance in abundance among species) in either dataset. Instead, the abundances of different bee species tended to be positively correlated, as indicated visually by the distributions of pairwise correlation coefficients ( figure 1a,b) . Correlations between the abundance of a particular species and the summed abundances of all other species were also mostly positive ( figure 1c,d ). Variance ratio tests confirmed these results statistically. For the New Jersey/Pennsylvania data, the variance ratio was 1.04 ( pZ0.40), indicating little correlation among species.
For the California dataset, the variance ratio was 1.47 ( pZ0.04), indicating significant positive correlations among species. The additional, species-level dataset from the California system showed even stronger positive associations (variance ratioZ1.65, pZ0.002).
(b) Response diversity
We assessed response diversity using the significance of the species-native vegetation cover interaction in a generalized linear model. In the New Jersey/Pennsylvania dataset, some bee species were positively, and others negatively, associated with native vegetation loss (figure 2a) such that the variable 'proportion native vegetation' itself was only marginally significantly associated with overall bee abundance (a negative association with c 2 Z3.65, pZ0.056; table 1). There was a highly significant interaction between bee species and the proportion native vegetation in the surrounding landscape (c 2 Z34.62, pZ0.0001; table 1; figure 2a), which is the signal of response diversity.
In the California dataset, the interaction between bee species and the proportion native vegetation in the surrounding landscape was also highly significant (c 2 Z33.93, p!0.0001; table 2; figure 2b). However, native vegetation cover was positively associated with bee abundance for all bee species, not just some of them, such that the variable (c) Cross-scale resilience In the New Jersey/Pennsylvania dataset, two species (18%) were significantly negatively associated with the loss of native vegetation, and in the California dataset this was true of five species groups (56%). In both datasets, different species showed their strongest response to native vegetation loss at different scales, ranging from a 200 m radius around the study site (or 13 ha) to a 3000 m radius (or 2827 ha; figure 3 ). This is the signal for occurrence of cross-scale resilience.
DISCUSSION
There is long-standing interest within ecology in whether a greater number of species contributing to the same ecosystem function can stabilize the function (Lawton & Brown 1993; McGrady-Steed et al. 1997; Naeem & Li 1997; Naeem 1998; Yachi & Loreau 1999; Loreau 2000; Ives & Carpenter 2007) . Several mechanisms have been proposed for stabilization, but these have rarely been tested empirically (Ives & Carpenter 2007) . Proposed mechanisms include: the 'portfolio effect', or the reduction in total variance that occurs when N individuals of one species are replaced with N/x individuals of x species (Doak et al. 1998; Tilman et al. 1998; Tilman 1999; Lehman & Tilman 2000) ; density compensation (e.g. Fischer et al. 2001) ; response diversity (Elmqvist et al. 2003) ; and cross-scale resilience (Peterson et al. 1998) . Our study design did not allow us to explore the portfolio effect, which would require time-series data from multiple sites differing in species richness. Here, we show that density compensation was not found in either study system, whereas response diversity and cross-scale resilience were found in both systems.
In contrast to the expectation for density compensation that would result in negative associations among species' abundances, we found mostly positive associations between species (figure 1). We speculate that these positive associations occur because resource availability decreases with increasing human disturbance. In this Peponapis spp.
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Lasioglossum admirandum Augochlorella aurata Augochlora pura case, sub-dominant species would benefit less from competitive release, because total resource availability is decreasing along with the dominant competitor. In contrast to our results here, density compensation has been found in previous experimental studies where resource availability was experimentally fixed (McGradySteed & Morin 2000) or standardized to some extent across plots (Tilman 1999) . Similarly, fixed abundance of a limiting resource has been assumed by some models finding density compensation (Lehman & Tilman 2000) , and density compensation itself has been assumed by others (Bunker et al. 2005) . We conclude that density compensation may be less likely to occur across actual human disturbance gradients, where resource availability may co-vary with the disturbance, than in controlled experiments where resource availability is fixed. Our findings suggest that caution is warranted when using the results of controlled experiments and simulations to predict the loss of ecosystem services in real landscapes, and that models should be run with and without the assumption of density compensation (Solan et al. 2004) We found highly significant response diversity in both systems. In New Jersey/Pennsylvania, the directionality of pollinators' response to native vegetation loss varied, with some species showing negative and some positive associations ( figure 2a ). This response diversity may contribute to the stability of pollination services across space in this system, where pollination of watermelon by all wild bees in combination shows no detectable association with native vegetation cover . In California, while all species showed negative associations with native vegetation loss, the associations differed in degree, leading to response diversity (figure 2b). The shared directionality in response among species is consistent with the fact that aggregate pollination services from wild bees drop off sharply with native vegetation loss in the California system (Kremen et al. 2002 (Kremen et al. , 2004 Larsen et al. 2005) .
The land use gradient is more extreme in California and this may underlie the correlated response among bee species. In California, the most isolated sites have as little as 0.01 per cent native vegetation remaining within a 2 km radius compared with a minimum of 8 per cent in New Jersey/Pennsylvania. Alternatively, the native vegetation type in California (chaparral and oak woodland) may be a preferred habitat type for most bee species, whereas the native vegetation type in New Jersey/Pennsylvania (deciduous woodland) is less optimal bee habitat.
It is intriguing that we found significant response diversity in both systems despite the fact that we only considered a few environmental variables, meaning that our study must underestimate true response diversity. Response diversity could potentially occur with regard to many variables. For example, pollinator species are known to differ in their diurnal activity patterns (Herrera 1990) and their thermal biology (Herrera 1997; Bishop & Armbruster 1999) , and this could mitigate the impacts of climate change on pollination services to some degree.
Although we here propose a statistical test to better separate density compensation and response diversity, identifying the biological mechanism behind the two forms of compensation remains beyond the scope of associational data. The main mechanism behind density compensation is thought to be competitive release (Tilman 1996 (Tilman , 1999 Doak et al. 1998 ). However, a species apparently benefiting from competitive release could simply be less sensitive to the original disturbance, as recognized by other researchers (Tilman 1996; Doak et al. 1998; Fischer et al. 2001) ; this would be response diversity. Indeed, most previous studies have not attempted to explicitly separate response diversity and density compensation, for example in whole-lake acidification experiments (Fischer et al. 2001 and references therein), grassland plant communities exposed to drought (McNaughton 1977; Tilman 1996 Tilman , 1999 and grazing pressure (McNaughton 1977; Walker et al. 1999) , or arctic plants responding to climate change (Dormann & Woodin 2002) . What is novel in our study is that we propose a new test for response diversity per se, and that we found response diversity without density compensation. While our statistical differentiation of density compensation and response diversity does not reveal mechanism, it does allow the detection of response diversity even in cases where density compensation is not occurring.
Lastly, we found evidence of cross-scale resilience in both systems: the species that were negatively associated with the loss of native vegetation showed these associations most strongly at different scales. Cross-scale resilience may increase the stability of the ecosystem service under some scenarios. For example, habitat loss relatively far from a farm should affect the species operating at the larger but not the smaller scales (as could occur in New Jersey/ Pennsylvania; figure 3a,b). We would expect cross-scale resilience to be less of a stabilizing force in California, where all species show significant negative associations with habitat loss at multiple scales, and several species show parallel patterns with scale ( figure 3c-g ). Nonetheless, the California system should still be more stable than would be the case if all species showed identical patterns with respect to scale.
An important goal for future work is to assess the extent to which stabilizing mechanisms stabilize actual function, as opposed to the abundance of the organisms providing the function, as we examined here. For example, in both the New Jersey/Pennsylvania and the California systems, bumblebees (Bombus spp.) are among the most effective pollinators on a per-visit basis (Kremen et al. 2002;  Winfree et al. 2007) , and are also the species most negatively affected by the loss of native vegetation. The compensatory responses of other species, which are less effective pollinators, may only partially compensate for the loss of bumblebees. Another important goal for future work is investigating the role of stabilizing mechanisms over time, in addition to across a spatial disturbance gradient as we do here. . Cross-scale resilience in (a, b) the New Jersey/Pennsylvania system (Bombus impatiens and Lasioglossum rohweri, respectively) and (c-g) the California system (Agapostemon texanus, Bombus spp., Halictus tripartitus, Hylaeus spp. and Melissodes spp., respectively). Each figure shows the c 2 value from a generalized linear model regressing a species' abundance against the proportion of native vegetation in the surrounding landscape at a given radius. Filled circles represent significant relationships. Only the species having significant negative associations with native vegetation loss are shown. These species respond most strongly at different scales, demonstrating cross-scale resilience.
As far as we are aware, this study is the first investigation of stabilizing mechanisms for an ecosystem service provided by terrestrial animals, and the first at the landscape scale, a relevant scale for biodiversity conservation and ecosystem services. In contrast to smaller-scale experimental studies and modelling work, we failed to find density compensation in either system. We propose that this is because resources may vary across sites, weakening the effects of competition. Our two datasets were consistent in showing response diversity and cross-scale resilience. These little-studied mechanisms may be important stabilizing forces in nature, allowing apparently redundant species contributing to the same function to respond differently across space and time to future environmental shifts such as climate change.
